Mercury emission from industrially contaminated soils in relation to
chemical, microbial, and meteorological factors™

Stefan Osterwalder *" ", Jen-How Huang ¢, Waleed H. Shetaya * ¢, Yannick Agnan ¢,
Aline Frossard €, Beat Frey ¢, Christine Alewell %, Ruben Kretzschmar ’, Harald Biester 2,

Daniel Obrist "

2 Environmental Geosciences, University of Basel, 4056 Basel, Switzerland

b Department of Forest Ecology and Management, Swedish University of Agricultural Sciences, 901 83 Umed, Sweden

€ Air Pollution Research Department, Environmental Research Division, National Research Centre, Dokki, Giza 12622, Egypt
d Sorbonne Université, CNRS, EPHE, UMR Metis, 75252 Paris, France

€ Federal Research Institute WSL, 8903 Birmensdorf, Switzerland

f Institute of Biogeochemistry and Pollutant Dynamics, CHN, ETH Ziirich, Ziirich, Switzerland

& Institut fiir Geokologie, AG Umweltgeochemie, Technische Universitat Braunschweig, 38106 Braunschweig, Germany

" Department of Environmental, Earth and Atmospheric Sciences, University of Massachusetts, Lowell, MA 01854, USA

Keywords:
Air-surface exchange
Flux

Soil

Contamination
Bacteria

merA

1. Introduction

ABSTRACT

The Minamata Convention entered into force in 2017 with the aim to phase-out the use of mercury (Hg)
in manufacturing processes such as the chlor-alkali or vinyl chloride monomer production. However,
past industrial use of Hg had already resulted in extensive soil pollution, which poses a potential
environmental threat. We investigated the emission of gaseous elemental mercury (Hg®) from Hg
polluted soils in settlement areas in the canton of Valais, Switzerland, and its impact on local air Hg
concentrations. Most soil Hg was found as soil matrix-bound divalent Hg (Hg"). Elemental mercury (Hg®)
was undetectable in soils, yet we observed substantial Hg® emission (20—1392 ngm 2 h™') from 27 soil
plots contaminated with Hg (0.2—390 mg Hg kg~ !). The emissions of Hg® were calculated for 1274
parcels covering an area of 8.6 km? of which 12% exceeded the Swiss soil remediation threshold of 2 mg
Hg kg~!. The annual Hg® emission from this area was approximately 6 kg a—', which is almost 1% of the
total atmospheric Hg emissions in Switzerland based on emission inventory estimates. Our results show
a higher abundance of Hg resistance genes (merA) in soil microbial communities with increasing soil Hg
concentrations, indicating that biotic reduction of Hg" is likely an important pathway to form volatile Hg®
in these soils. The total soil Hg pool in the top 20 cm of the investigated area was 4288 kg; hence, if not
remediated, these contaminated soils remain a long-term source of atmospheric Hg, which is prone to
long-range atmospheric transport.

global anthropogenic Hg emissions account for 2500+ 500t a~!
(Outridge et al., 2018). Artisanal and small-scale gold mining has

The global threat posed by mercury (Hg) pollution united over
120 nations to sign the legally binding framework of the Minamata
Convention on Mercury (UNEP, 2013). This protocol has entered
into force in August 2017, and aims to reduce both Hg use and
global anthropogenic Hg emissions to the atmosphere. Today,

been identified as the major source of anthropogenic Hg emission
to the atmosphere (>800t a~1), followed by industrial activities
such as manufacture of non-ferrous metals or cement production
(>500t a~1), stationary combustion (>500t a~ '), intentional use of
Hg (>200t a—!), and waste disposal and incineration (>100t a~!)
(UNEP, 2019). The phase-out under the Minamata convention of the
industrial use of Hg is expected to decrease Hg emissions (EU,
2017); however, the surroundings of some chemical factories sub-
jected to severe Hg pollution in the past carry significant legacies,
mainly due to Hg dispersion around production buildings and in


mailto:stefan.osterwalder@unibas.ch
http://crossmark.crossref.org/dialog/?doi=10.1016/j.envpol.2019.03.093&domain=pdf
www.sciencedirect.com/science/journal/02697491
http://www.elsevier.com/locate/envpol
https://doi.org/10.1016/j.envpol.2019.03.093
https://doi.org/10.1016/j.envpol.2019.03.093
https://doi.org/10.1016/j.envpol.2019.03.093

wastewater discharge (Amos et al., 2013). After closure of a base-
metal smelter in Canada, soils in the area switched from being a
net sink for atmospheric Hg during operation, to a net source with a
daily mean emission flux of 108 ng m~2h~! (Eckley et al., 2015). The
authors estimated that contaminated soils within 50 km of the
smelter (<100 mg Hg kg~ 1) emitted almost 100 kg Hg a~! to the air.
Zhu et al. (2018) reported elevated surface soil Hg concentrations
(<48 mgkg") within a 6.5-km radius from a closed industrial
plant in China and concluded that legacy emission of gaseous
elemental mercury (Hg®) is in the same order as from naturally
enriched mines. Higher levels of Hg (>10mgkg™!) have been
located in soils in the vicinity (<5 km radius) of a Czech chlor-alkali
plant (Suchara and Sucharovd4, 2008; Grangeon et al, 2012;
Guédron et al., 2013; Navratil et al., 2017) that is a long-term source
of Hg to the air, water, and eventually biota if not managed properly.
Mercury in wastewater discharge from a chlor-alkali plant in
Portugal was the source for strong soil Hg contamination in the
range of 1 to 91 mgkg~! (Reis et al., 2009).

Legacy Hg pollution, including that contained in soils contami-
nated by industrial activities, will likely continue to be an envi-
ronmental threat even after a complete phase-out of industrial use
of Hg (UNEP, 2019; Horowitz et al., 2014). Global emissions of Hg
from contaminated, naturally-enriched and mining sites are esti-
mated to be 217t a~! (median) and range from 202 to 258t a~!
(Agnan et al., 2016). Nonetheless, emissions from contaminated
sites are not accounted for in actual emission inventories because
they have not been reliably quantified. As such, estimation of at-
mospheric Hg® emission from industrially contaminated soils, are
associated with large uncertainties (globally between 14 and 34t
a~! Kocman et al.,, 2013) mainly due to a lack of direct Hg® emission
measurements (Kim and Kim, 1999; Wallschlager et al., 2002;
Rinklebe et al., 2009; Eckley et al., 2015; Zhu et al., 2018). Emission
of Hg? from soils with elevated Hg levels are dominantly controlled
by total mercury (THg) concentrations in the soil (e.g. Edwards
et al., 2001; Frescholtz and Gustin, 2004; Wang et al.,, 2005).
Based on a compilation of 538 direct flux measurements, emission
of Hg® from Hg-enriched sites (>0.3 mgkg~!) showed a strong
linear correlation with soil THg concentrations (p = 0.608, p < 0.01)
(Agnan et al., 2016).

The main objectives of this study were to identify the Hg®
emissions from contaminated oxic soils from settlement areas of
Visp and Turtig-Raron in Switzerland (Canton of Valais) and relate
these findings to soil Hg speciation measurements presented in
Gilli et al. (2018). Previous studies at these sites have shown that
most soil Hg resides in relatively stable pools (e.g. Shetaya et al.,
2017) strongly bound to soil solids (“matrix-bound Hg"™), most
likely associated with organic matter and that Hg® was not
detectable by thermal desorption analysis (Gilli et al., 2018; Grigg
et al., 2018). We hypothesize that instantaneous Hg! reduction in
the large soil Hg pool (0.5—28.5 mg kg~ !, Gilli et al., 2018) can still
drive outgassing of Hg® even though soil Hg® concentrations are
low. In order to measure Hg® emissions, we performed dynamic
flux chamber experiments in shaded conditions to eliminate the
effects of solar radiation, which is known to strongly promote Hg®
evasion through photochemical reduction (Moore and Carpi, 2005).
This allowed to better investigate the potential role of microbial
merA genes on Hg" reduction and subsequent Hg® emissions in
soils. Bacteria and archaea have evolved resistance mechanisms to
Hg (Hg resistant mer system) that degrade organic Hg and detoxify
Hg" by reduction to HgP, effectively partitioning Hg® to the gaseous
phase (Barkay et al., 2003; Lin et al., 2011). In addition, we assessed
the relationship between soil THg concentrations and Hg® emission
potential, the pollution potential of Hg in the contaminated sites in
this area, and estimated the atmospheric Hg emissions of the area
in relation to other atmospheric emission sources.

2. Materials and methods
2.1. Study area and contamination history

We focused our research on nine Hg contaminated parcels
located in settlement areas of the towns Visp (658 m a. s. 1.) and
Turtig-Raron (638 m a. s. 1.), Canton of Valais, Switzerland. The
study area is characterized by a dry climate typical for inner-alpine
valleys, because they are sheltered against precipitation from both
the north and the south. The 30-year (1981—2010) annual mean
precipitation in the area is 596 mm with no distinct rainy or dry
seasons and the mean annual temperature is 9.4 °C. January and
July monthly mean temperatures are 1.3°C and 19.3 °C, respec-
tively. During convective weather situations, valley breezes from
the west develop during the day, whereas mountain breezes from
the east dominate during the night.

The the soil Hg contamination within the investigated area
spreading over 8.6 km? is mainly associated with the drainage canal
(the “Grossgrundkanal”) that runs through a chemical
manufacturing facility in Visp (Fig. 1). Since 1917, Hg has been used
as a catalyst during the production of acetaldehyde, vinyl acetate,
vinyl chloride, and also in the chlor-alkali electrolysis on the
chemical production area in Visp (ForumUmwelt, 2011). Between
about 1930 and 1976, Hg contaminated water carrying 50—200 tons
of Hg was directed into the canal and contaminated the canal
sediments. An additional 50 tons of Hg® were emitted to the air. The
sediments were regularly dredged and then spread as fertilizer on
agricultural soils and gardens or were used as fill material in set-
tlement areas until 1990 (ForumUmwelt, 2011). In 2012, the envi-
ronmental agency of the canton of Valais (in German Dienststelle
fiir Umwelt, DUW) required soil investigation in order to assess the
extension of the polluted area. In total, more than 3500 soil samples
(0—20 cm) on 1274 parcels were taken since the beginning of the
investigations (DUW, pers. communication). Sampling and analysis
of THg concentrations followed the Swiss standard regulations on
soil pollution protocol (Swiss VBBo procedures; VBBo, 1998).

2.2. Ambient Hg® concentration and soil-air Hg® flux measurements

For this study, we have re-visited nine parcels (T-S1, T-S3, T-S8,
T-S11, V-S4, V-S5, V-S6, V-S7, V-S8) with soil THg concentrations
previously determined ranging from <0.1 to 210mgkg~! (see
Table S1). We distinguished three land cover types of the parcels:
lawn (T-S1, T-S11, V-S4, V-S5, V-S6), grassland (T-S3, T-S8, V-S7),
and bare soil (V-S8). At each parcel, Hg® flux was measured over
three plots alternately during a 24-h period between August 16 and
29, 2015 (as such having n =27 concentration and flux measure-
ments). The plots were chosen randomly within an area of
10 m x 10 m or along a line-transect. During one day our new type
dynamic flux chamber (DFC) described in Lin et al. (2012) and
applied by Osterwalder et al. (2018) was placed eight times on the
same plot for 40 min; between the measurements, the DFC was
cleaned with ultrapure water (Milli-Q, 18.2 MQ cm, Millipore Corp.)
and dried. The new DFC type was applied because its design en-
ables a uniform airstream inside the chamber and accounts for the
effect of atmospheric turbulence and has yielded cumulative flux
values similar to the turbulent fluxes (Osterwalder et al., 2018).
Thus, a representative flux under ambient atmospheric conditions
was inferred from the measured DFC flux multiplied by the ratio of
the overall transfer coefficient under ambient atmospheric condi-
tions and the overall mass transfer coefficient in the DFC (Eq. (1)).
Using a synchronized dual-port sampling unit (Tekran® Model
1110, Toronto, ON, Canada) the inlet and outlet air from the DFC was
sampled and analyzed for Hg® by a Tekran® 2537A instrument (see
Fig. S1). The inlet ambient Hg concentration was measured just
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Fig. 1. Schematic map of the area where ambient Hg® concentration and Hg® flux measurements were performed and subsequently soil samples were taken with respect to the
regional Swiss map. Blue circles represent study sites within the settlement area in Turtig-Raron and yellow circles within Visp. The red star indicates the location of soil collection
to study abundance of the Hg resistance genes. Direction of surface water flow in both the Grossgrundkanal and the River Rhone is from right to left. Base map is courtesy of the

Swiss Federal Office of Topography (Swisstopo).

above the DFC air entrance zone (I x w=0.1 m x 0.3 m). The air
entrance zone was open to above, clearly separated from the lawn
canopy and within the turbulent boundary layer (see Fig. S1). The
sampling interval of the air Hg analyzer was 10 min (two 5-min
samples) at a flow rate of 1.3 Lmin~ .. The flux of Hg® (Fyg) in ng
m~—2 h~! was calculated according to Equation (1). Positive fluxes
indicate Hg® emission, negative fluxes Hg® deposition, respectively.
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where Q is the applied flow rate (0.8 m> h~!) through the chamber;
Ci and C, are Hg® concentrations of the inlet and outlet air stream
(ng m~3); A is the surface area enclosed by the DFC (0.09 m?); h is
the height of the DFC (0.03 m); u* is the friction velocity (ms~!); Dy
and D are the hydraulic radius (0.0545m) and diffusivity of Hg®
(1194-10">m? s~ 1), respectively; k is the Kirman constant (0.41)
(Seinfeld and Pandis, 1998); zp is surface roughness height (m); [
is the distance measured from the starting point of the measure-
ment zone (0.15m) and A. is the flow cross-sectional area
(0.009 m?).

The air Hg analyzer was calibrated before and after the field
campaign using a temperature-controlled Hg vapor calibration unit
(Tekran® Model 2505). Multiple volumes (3—8 pL) of saturated Hg®
vapor were manually injected into a Hg-free air stream obtained
from a zero-air generator (Tekran® Model 1100) using a 10 pL digital
gas-tight syringe (Hamilton, Reno, USA). Prior to the field campaign
the DFC and all Teflon® PTFE tubing were cleaned with 5% nitric
acid and subsequently rinsed with ultrapure water. The DFC blanks
were measured in-situ before, during and after the campaign over
an acid-cleaned Teflon® PTFE film. The blank average was
2.8+24ngm 2 h' (n=204) and was subtracted from the flux.

2.3. Soil sampling and analyses

After the Hg® flux measurements a topsoil core (0—10 cm) was
taken from each plot (i.e., DFC footprint, n =27) for subsequent

soil THg concentration analysis. Additionally, we measured con-
centrations of the metalloid As, metals such as Co, Cr, Cu, Mo, Ni, Pb,
Zn and the elemental concentration of Fe, Al, and Mn in dithionite
extracts (see Table S3). Samples were collected using a previously
cleaned stainless steel auger and sealed in polyethylene bags for
transport. Soils were dried at 40°C for 48 h and then sieved to
<2 mm particle size for analysis. It has been demonstrated by Gilli
et al. (2018) that drying of soil samples at 40 °C does not cause
evaporation losses of Hg. Soil pH was measured by a glass electrode
for 5 min after equilibrating 5 g of the sieved soils (<2 mm) in ul-
trapure water for 30 min on an end-over-end shaker. A Leco CN 628
analyzer was used to measure soil total organic carbon (TOC)
content; 0.25 g of finely ground soils were weighed into tin cap-
sules and combusted at 1000 °C. The TOC concentration was then
determined by infrared and thermal conductivity detectors in
oxygen-rich and helium environments, respectively.

The dithionite-citrate-bicarbonate extraction method of Kostka
and Luther (1994) was used to estimate the concentrations of
poorly crystalline (reactive) Fe, Al, and Mn (g kg~!) (Shetaya et al.,
2017). Trace metals and metalloid in soil samples were extracted
following the VBBo-procedure (VBBo, 1998). In triplicates, 10 g of
2 mm sieved soils were extracted with 100 mL 2 M analytical grade
HNOs in a boiling water bath for 120 min. Concentrations of metals
in the dithionite and acid extracts (diluted in 5% v/v HNO3) were
assayed by an Agilent ICP-OES 5100 and results were processed by
the ICP Expert software package. Total Hg in the soil was measured
using a Perkin Elmer SMS100 atomic absorption spectrometer ac-
cording to the EPA standard method 7473. Soil samples were
thermally decomposed at 750 °C followed by amalgamation on a
gold-trap and then analysis of Hg cold vapors. Certified reference
lake sediment material (IAEA SL-1) was used for calibration.
Replicate samples and reference material were analyzed regularly
(10% of the sampling sequence) and the precision was under 10%
relative standard deviation (SD).

2.4. Soil microbial mercury resistance genes (merA)

Samples to investigate the abundance of the Hg resistance genes
(merA) were taken from 64 plots in the contaminated site in Turtig-
Raron (Fig. 1). After collection from the field, the soil samples were
dried at 60 °C and sieved at 2 mm. Total Hg concentrations in soils



were subsequently analyzed using a direct mercury analyzer (AMA
254 Mercury Analyzer, LECO Corporation, St. Joseph, MI, USA;
detection limit of 0.001 mg Hg kg~ ! dw). Total genomic DNA was
extracted from 0.5 g sieved soil (2 mm) using the PowerSoil DNA
Isolation Kit (MO-BIO Laboratories, Carlsbad, CA, USA). Relative
abundances of the mercuric reductase (merA)-rRNA copies were
determined by quantitative real-time PCR (qPCR) on an ABI7500
Fast Real-Time PCR system (Applied Biosystems, Foster City, CA,
USA). PCR amplifications of the merA gene were performed with
the MerAF and MerAR primers (Larose et al., 2013). The initial DNA
denaturation was at 95°C for 15 min. Each of the following 40
amplification cycles involved a denaturation step at 95 °C for 30s,
primer annealing at 60 °C for 45 s and an extension phase for 45 s at
72°C. A final cycle included a denaturation step at 95°C for 155,
primer annealing at 60 °C for 1 min followed by denaturation at
95 °C for 15 s qPCR analyses were performed using 2.5 ng DNA in a
total volume of 25pL containing 0.5pm of each primer,
0.2 mg mL~! BSA and 12.5 uL of QuantiTect SYBR Green PCR master
mix (Qiagen, Hirlen, Germany). Three standard curves per target
region (correlations > 0.997) were obtained using tenfold serial
dilution (10! to 10~° copies) of plasmids generated from cloned
targets (Frey et al.,, 2011). Data were converted to represent average
copy number of targets merA gene per g dry soil.

2.5. Environmental parameters

During the Hg® flux measurements, air temperature outside the
DFC, relative humidity, wind speed and direction, and precipitation
were measured with a weather transmitter (Vaisala WXT520,
Vantaa, Finland) mounted onto a mobile tower 2 m above the
surface. One meter above the surface, in the shade, solar radiation
(Rg), and photosynthetically active radiation (PAR) were measured
using a CM11 (Kipp&Zonen, Delft, Netherlands) and a QS5 Quan-
tum Sensor (Delta-T Devices, Cambridge, UK), respectively. In
addition to all the other parameters, soil temperature was
measured at 2 cm depth with a Campbell Scientific 107 tempera-
ture probe and logged every 10 min using a CR1000 (Campbell
Scientific, Logan, USA). Soil moisture was determined manually
using a ML3 Theta Probe (Delta-T Devices, Cambridge, UK). Air
temperature inside the DFC was logged with two DS1923 iButtons
(Maxim Integrated, San Jose, USA).

2.6. The global Hg® flux database

We compare our Hg® flux measurements (n=27) with global
data from Hg-enriched sites (n =411) presented in Agnan et al.
(2016) (called “a global flux database” in the following). Accord-
ing to Agnan et al. (2016) Hg-enriched sites delineate areas where
either soil THg concentrations were >0.3 mg kg~! and/or ambient
Hg® concentrations were >3 ng m~>. Based on this information, Hg-
enriched sites were subdivided into four categories: atmospheri-
cally influenced (substrate Hg concentration <0.3mgkg~!, but
ambient Hg® concentration >3 ng m~3), contaminated (i.e., when
anthropogenic pollution was indicated), naturally enriched (such as
from the geologic Hg mineral belt and geothermal areas), and
mining sites (mainly precious-metal mining such as gold, silver,
copper). Background sites in the Hg flux database are characterized
with soil THg concentrations <0.3 mg kg~ and ambient Hg® con-
centrations <3 ng m—>. We would like to point out that the Hg® flux
vs soil THg concentrations relationship for Hg-enriched sites
described by Eq. 2 and displayed in Fig. 5 in Agnan et al. (2016) is
based on 411 instead of 381 measurements.

3. Results
3.1. Soil properties and total Hg analysis

Soil samples (n =27) were collected at nine different parcels T-
S1, T-S3, T-S8, T-S11, V-S4, V-S5, V-S6, V-S7, V-S8), on three plots
each, in Visp and Turtig-Raron (Fig. 1). The soils were weakly acidic
to moderately alkaline with pH values ranging, in average, from 6.2
to 8.2 (see Table S3). The TOC content in these soils ranged between
2.6 and 4.5% in average. The concentration of soil THg in all sam-
pling sites spanned from 0.2 to 390 mg kg~ with an interquartile
range of 0.4—310 mgkg~! (see Table S2). Soil THg was noticeably
elevated (230—390 mg kg~ 1) in location V-S8 followed by locations
T-S3 and T-S8, respectively, indicating high levels of Hg contami-
nation. Depth and spatial heterogeneity in soil THg concentrations
are primarily due to uneven distribution of contaminated material
or sediments (see Table S2). The Swiss environmental regulation
(Ordinance on the Pollution of Soil - VBBo (ger.) and Ordinance on
contaminated sites - AltlV (ger.)) defines three threshold values for
soil pollutants. First, the so-called reference value, below which the
soil is considered as unpolluted and above which the origin of the
contamination has to be identified. Second, the investigation value,
above which cantonal authorities are obliged to monitor contami-
nant development. Third, the remediation value, which enforces
either remediation or use restrictions. The reference value for Hg is
0.5mgkeg~!. Since March 2015, the investigation value has been
lowered from 2 to 0.5 mgkg~! and the remediation value for set-
tlement areas from 5 to 2 mg kg~ (AltlV, Art. 12 Abs. 1; VBBo, 1998,
version 01.05.2017). In all the studied sites, the concentrations of
other metals and metalloid did not exceed their respective reme-
diation values (VBBo, 1998). The reference value for Ni (50 mg kg~ ')
was exceeded at V-S6 and T-S3 and for Pb (50 mg kg~!) at V-S8. The
investigation value for Cu (150 mgkg~') was exceeded up to 2.6
times at V-S8. Moreover, concentrations of Cu, Pb, Zn, and As were
significantly correlated to soil THg (r =0.98, 0.83, 0.65, and 0.35,
respectively) indicating a common contamination source (see re-
sults from soil properties analysis in Table S3).

3.2. Hg’ flux from soil and ambient Hg® concentrations

During the shaded Hg® flux measurement over the 27 plots, air
and soil temperatures averaged at 18.9 °C and ranged from 8.7 to
33°C and 149 to 23.6°C, respectively. The average daytime
(>5Wm2) solar radiation above the shaded chamber was
51 W m~2. This was always less than 18% of the full daytime solar
radiation input measured at the SwissMetNet surface weather
station in Visp (VIS S1, 639 m a. s. L.). During the campaign, mostly
cloudless conditions prevailed, and there were a few incidents of
precipitation (<2 mm). The parcel averaged Hg® fluxes ranged be-
tween 55 and 1277ngm~2 h™! (see Table S1) and were clearly
elevated compared to fluxes (1.2 +2.2ngm™2 h™'; average + SD)
measured over background sites with low THg concentrations
(Agnan et al, 2016). The largest Hg® flux measurement
(2114ngm~2 h™') was observed at site V-S8 over plot 1
(230 mg kg~!) and was more than three orders of magnitude higher
compared to background sites. The lowest average Hg® flux of
20+13ngm 2 h~! (n=35) was recorded over plot 3 (0.7 mg THg
kg~1) at location V-S7 (Fig. 2a). Overall, 77% of the variability in the
observed Hg® fluxes is explained by soil THg concentrations ac-
cording to the linear regression:

101, = 0.48 log g +1.972 (r2:0.77, p<0.001, n:27) 2)

where logg,,, represents the logarithmic Hg® flux [ng m~2 h~!] and
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Fig. 2. Box and whisker plots of Hg® fluxes (a) and ambient Hg® concentrations (b)
measured over the plots 1, 2 and 3 (orange, brown, red) at the nine parcels. Boxes
contain the middle 50% of the data. The edges of the boxes show the 25th and the 75th
percentiles, respectively. The whiskers indicate 1.5 times the interquartile range.
Outliers are given as black dots. The largest ambient Hg® concentration level of 20.3 ng
m~ (T-S3) is not displayed.

logryg the logarithmic soil THg concentrations [mg kg™ 1.
However, there are parcels where larger Hg® fluxes were iden-
tified on plots with lower THg concentrations. At V-S7 for example,
in about 10 m distance from plot 3, a four times larger flux of
86+42ngm 2 h~! (n=32) was determined over plot 1 with soil
THg concentrations of 0.2 mg THg kg~ '. At V-S8, the average Hg®
flux over plot 1 (1392 +485ngm~2 h™!, n=32) and over plot 3
(1284 + 486, n = 32) were in a similar range, despite the 41% lower
THg concentration found for plot 1. This indicates that even though
soil THg is the dominant regulating factor, other parameters might

also influence Hg® emission. The small-scale heterogeneity of soil
contamination was reflected at site T-S8. There, the soil THg con-
centration measurement, which followed the VBBo extraction
protocol, was 79 mg kg~ ! but ranged from 12 to 26 mg kg~ on plots
1-3 using the total digestion method (see Table S2).

The daily average ambient Hg® concentrations measured at each
parcel ranged from 2.2 to 7.3 ng m~> (Fig. 2b). Hence, the concen-
trations were elevated by up to a factor of 5.6 compared to a median
concentration of 1.3ngm™> in the atmospheric boundary layer
determined at the remote high altitude monitoring station Jung-
fraujoch, Switzerland (Denzler et al., 2017) and was larger than the
northern hemispheric background concentration of ~1.5ngm™>
(Sprovieri et al., 2016). The minimum and maximum recorded
values were 1.6 and 20.3 ng m~>, respectively. The positive re-
lationships between the ambient Hg® concentration and soil THg
concentration (Eq. (3)) and between the ambient Hg® concentration
and the Hg? flux (Eq. (4)) were statistically significant:

logjgo = 0.158 logryyg +0.448 (r2 =0.87, p<0.001, n= 27) (3)

logygo = 0.265 logpy,, — 0.053 (r2 —0.73, p<0.001, n= 27) (4)

Strong positive correlations between ambient Hg® and soil THg
concentrations and Hg® flux indicate that Hg® emission directly
contributed to elevated ambient Hg® concentrations above the
contaminated soils in the settlement area in Visp and Turtig-Raron.

3.3. Drivers of Hg® emission

Soil THg concentration exerted the dominant control on Hg®
emission, with a strong linear correlation between the two (r = 0.9,
p <0.001, n=27). Other parameters such as solar radiation, soil
temperature and soil moisture have been reported to modulate Hg®
evasion over Hg-enriched sites as well (Poissant et al., 1999; Engle
et al., 2001; Gustin et al., 2002; Moore and Carpi, 2005; Lin et al.,
2010; Zhu et al, 2018). Average daytime (Rg>5W m2) Hg°
emissions were 31% higher compared to nighttime fluxes
(Rg <5Wm™2), but only 2% (3%) of the overall variability of Hg®
fluxes were explained by solar radiation (soil temperature) and diel
patterns of Hg® emissions were small (see Fig. S3). However, we
found a combined positive effect of solar radiation - in spite of
shading - and soil temperature on Hg® evasion that was evidenced
by the weak positive correlation between the residuals derived
from the linear regression equation soil THg concentration vs. Hg®
flux and soil temperature as well as daytime solar radiation: p = 0.3
(p<0.05, n=852) and p=0.26 (p <0.05, n=468), respectively.
Soil moisture showed a weak positive linear correlation with the
residuals derived from soil THg concentrations vs. Hg® flux
regression (p =0.12, p <0.01, n=0.847) (see Fig. S5). Furthermore
we quantified the abundance of merA gene copy numbers in soil
samples taken along a Hg pollution gradient (Fig. 1, red star) from
low to high concentrations (0.1—40.5 mg kg~!). During long-term
exposure (>60 years), the abundance of merA gene copies
increased linearly with soil THg concentrations (p = 0.74, p < 0.001,
Fig. S2).

3.4. Soil Hg pool concentration

The average topsoil THg concentration (0—20 cm) from all par-
cels previously analyzed following the VBBo extraction protocol
(n=1274) was 1.8 mgkg! (10th and 90" percentile of 0.01 and
2.5mgkg~!, respectively). There were 148 parcels with soil THg
concentrations >2 mg kg, the threshold above which soil reme-
diation is required. 72.5% of the parcels were categorized as



uncontaminated (<0.5 mg kg, please note that we followed the
Swiss standard regulations on soil pollution [VBBo, 1998] in
defining contamination levels), 15.5% as slightly contaminated
(0.5—2 mg kg~1), 5.5% as moderately contaminated (<2—5 mg kg~ 1)
and 6.5% were heavily contaminated (>5 mgkg~'). The Hg pollu-
tion potential within the top 20 cm of all the investigated parcels
amounted to 4288 kg. This was calculated using a dry soil bulk
density of 1400 kgm™> (pers. communication DUW, Canton of
Valais).

4. Discussion

4.1. Global Hg® flux and ambient Hg® concentrations over Hg-
enriched sites

Total Hg concentrations in topsoil was the dominant control on
Hg® emission (r> =0.77, p<0.001). This finding is in agreement
with data presented in Agnan et al. (2016) from Hg-enriched sites
globally (r?=0.26, p <0.001, n =411, Fig. 3). The slope between
total soil THg concentration and Hg® emission (0.48) observed in
our study is similar to the slope of 0.427 derived from flux mea-
surements from industrially contaminated, mining, naturally
enriched, and atmospherically influenced sites worldwide (Agnan
et al.,, 2016). Hence, there is a 95% probability that the slope of
the regression between Hg® emissions and natural Hg soil enrich-
ment as documented on the global database by Agnan et al. (2016)
encompasses (95% confidence interval: 0.36—0.5) the slope of the
regression between Hg® emissions and anthropogenic Hg
contamination in soils of our investigated area. The average Hg’
emissions in our study (373 ngm 2 h™!) were more than ten times
larger compared to average fluxes from contaminated sites in the
global database (20ng m~2 h~') and were comparable to average
Hg® fluxes from mining sites (Fig. 3). Different soil and meteoro-
logical characteristics contribute to a wide range of slopes from Hg®
flux vs. THg concentration correlations. Exemplarily, larger slopes
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Fig. 3. Relationship between soil THg concentration measurements and average Hg°®
flux in Visp and Turtig-Raron (n =27, black line) and over all Hg-enriched sites in the
Hg flux database (n =438, dashed black line). Error bars indicate standard deviation of
the Hg® flux measured on every plot for 24h (n=8).

than presented in this study and in Agnan et al. (2016) have been
identified in the area of a closed base-metal smelter in Manitoba,
Canada and two industrial gold mines in Nevada, USA. In the first
case, soil contamination predominantly originated from atmo-
spheric deposition of Hg that lead to strong Hg’ re-emission:
logpyx = 0.78 logryg + 0.39 (r? = 0.85) (Eckley et al., 2015). At the
Twin Creeks mine and the Cortez-Pipeline mine the regression
equations between Hg flux and THg concentration under low
solar conditions (<140 Wm™2) were logg,x = 0.59 logryg +2.59
(r =0.66) and loggyy = 0.67 logryg +2.49 (12 = 0.31) (Eckley
et al,, 2011). The upscaling exercise revealed that Hg® re-emission
from the area around the smelter was almost 100kg a~', re-
emission from the mines was 19 and 109 kg Hg a~, respectively.

Equation (5) shows an update of the linear regression between
Hg® fluxes and soil THg concentrations presented in Agnan et al.
(2016) by adding our results to the database:

1081 = 0.42210g 1y + 1.472 (r2 ~0.26,p<0.001,n :438) (5)

A caveat to this analysis, however, is that we performed our
measurement under shaded conditions, while most data from the
global database were conducted under natural light conditions,
although they likely were highly variable among different studies.
Shading was applied to compare fluxes from different parcels in-
dependent of the highly variable solar radiation effects. Further-
more, it was helpful to investigate the role of microbial merA genes
on Hg" reduction and subsequent Hg® emissions in soils; shading
also helped to prevent air heating inside the DFC possibly creating
an artificial high Hg® flux (Eckley et al., 2010) and to avoid mea-
surement bias by shadow casts from buildings and trees sur-
rounding the parcels. The average air temperature within the DFC
was only slightly increased compared to ambient air (1 +2.2°C).
However, shading the DFC likely also lead to an underestimation of
the fluxes during full solar radiation inputs since shading of the DFC
suppresses the photochemical reduction of Hg! to Hg? at the sur-
face, a process that was reported to be the major driver for higher
Hg® evasion during daytime (Gustin et al., 2002; Moore and Carpi,
2005; Zhu et al., 2018) (see Sect 3.3).

In this study, Hg® emissions from contaminated soils led to
elevated ambient Hg® concentrations in the lower boundary layer
above contaminated soils (Eq. (4)). A similar relationship
(slope = 0.39, intercept = 0.49) between Hg® flux and ambient Hg®
concentrations (r> =0.22, p <0.001) was found for 230 measure-
ments over Hg-enriched sites (Agnan et al, 2016). The linear
regression between Hg® flux and ambient Hg® concentration over
the combined dataset (Fig. 4, black dashed line) showed the
following relationship:

10g}g0 = 0.33110g, +0.507 (r2 =0.22,p<0.001, n= 257) (6)

In our study the largest ambient Hg® concentrations were found
to coincide with stable stratification in the nocturnal boundary
layer when wind speeds were low and turbulence and vertical
mixing suppressed (see Fig. S4). As a result, Hg® nighttime con-
centrations were elevated by 34% on average compared to daytime
concentrations. Buildup of a convective mixed layer after sunrise
(ca. 06:45) and rising wind speeds in the afternoon were respon-
sible for efficient mixing of accumulated Hg® in the atmospheric
surface layer and decreases in ambient Hg® concentrations.

4.2. Biotic and abiotic drivers of Hg® emissions
Despite the lack of detectable Hg® in soils based on speciation

measurements by thermo-desorption analysis (Gilli et al., 2018), we
still observed significant emissions of Hg® from these Hg
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Fig. 4. Relationship between Hg® flux and average ambient Hg® concentration (n = 27)
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bars indicate standard deviation of the averaged ambient Hg® concentrations
measured over every plot during 24 h (n=38).

contaminated soils. Speciation measurements of soil THg in the
investigated contaminated topsoil appears to be consistent with a
dominance of Hg-species bound to functional groups of the organic
matter (matrix-bound Hg") (Gilli et al., 2018). However, it is
possible that low Hg® concentrations existed in soils below the
detection limit of the thermo-desorption analysis (0.1 mgkg™1).
Observations of substantial Hg® emission both during nighttime
and under shaded conditions in the absence of detectable Hg® in
soils suggests a combined role of biological and abiotic Hg" (e.g.,
photochemical or dark) reduction processes driving subsequent
Hg® emissions. Based on the difference between nighttime and
shaded daytime Hg® emissions, we estimate that between 22 and
26% of daytime Hg® emissions originated from photochemical
reduction of Hg". Hence, the remaining part of Hg® emission likely
is associated with abiotic dark reduction and biotic reduction
processes.

Abiotic dark reduction is an about 100 times slower process than
photochemical Hg" reduction, but is likely more important in soils
worldwide (Xiao et al., 1995). However, we suggest that in our oxic
soils, biotic reduction of Hg" dominates abiotic dark reduction, a
process that has been suggested to occur in sediments, deep waters,
and organic-rich soil layers at low redox potentials (Moore and
Castro, 2012; Jiang et al., 2015; Jiskra et al., 2015). There are two
main pathways of Hg' reduction by bacteria. First, Hg-resistant
bacteria reduce Hg" in the cell's cytoplasm using the mer operon
system. The central (merA) gene codes for the mercuric reductase
enzyme which catalyzes the reduction from Hg" to Hg® (Barkay
et al., 2003); Second, Hg-sensitive dissimilatory metal-reducing
bacteria use Fe and/or Mn as electron acceptors to reduce Hg" to
Hg® during respiration (Wiatrowski et al., 2006). In accordance
with Dash and Das (2012), we found that the abundance of bacteria
with Hg-resistance abilities was proportional to the THg concen-
tration in contaminated soils. Thus, bacterial communities adapted
to the long-term Hg pollution without decreasing their functional
abilities (Frossard et al., 2018). However, as observed in Frossard

et al. (2018), the long-term contamination might have led to a
shift of both bacterial and fungal community structure and di-
versity, while the bacterial abundance remained stable. Microbial
reduction of Hg" likely increases with increased Hg contamination,
which correlates with observed Hg® emissions from these soils.
Thus, biotic reduction is important and contributes substantially to
Hg® emission from contaminated soils.

4.3. Pollution potential and mobilization via Hg® emission

Mobility of THg in the soil is largely dependent on the speciation
and the way the different species interact with the soil matrix
(Biester et al., 2002). Previous investigations on soils in the settle-
ment area revealed that Hg is mainly present as Hg" strongly
bound to organic matter (Gilli et al., 2018). Methylmercury (MeHg)
concentrations were always below 1% (<7.8ugkg™') of the
respective THg contents in the soils (Gilli et al., 2018). The majority
of the samples showed around 0.1% MeHg. Shetaya et al. (2017)
used an isotope dilution protocol on the soil samples presented
herein to estimate the pool of labile Hg, accessible for plants and
soil organisms. Despite the wide range of THg values in the soil
(0.37-310 mg kg~ 1), mercury lability spanned a range of ~12—25%
highlighting the capacity of surface soils to sequester relatively
large quantities of Hg. In another study, the majority of Hg from the
soil pool was extracted in the last step using aqua-regia, indicating
that little Hg occurred in labile pools (Grigg et al., 2018). Total Hg
was strongly bound to soil solids and protected from further
reactions.

Our study provides evidence that Hg can also be mobilized from
contaminated soils in this area via gaseous Hg® emission. This has
enabled an empirical estimation of Hg® emission from industrially
contaminated soils in this region because a large range of soil THg
concentrations (0.2—390 mg kg~!) is provided, soil properties are
similar (see Table S3) and data comparability is high due to the use
of shaded condition and similar weather conditions. In order to
constrain the overall Hg® emissions from this contaminated area,
we estimated a lower level flux (Eq. (7)) describing soil Hg® emis-
sion during the night (Rg<5W m~2) and an upper level shaded
daytime flux (average Rg =51 Wm™2; Eq. (8)):

08F1x,,,,, = 0486 logry, + 1.892 (r2 —073,p <o.oo1) (7)

0851, = 0.479 logryg + 2.016 (r2 —~0.78, p <o.001) (8)

The net annual Hg® emission estimate for the entire investigated
area of 8.6 km? was 6kg a~! following Equation (2). The lower
bound of this estimate is defined by the nighttime flux (Eq. (7))
which is 5 kg a— . The upper bound of 6.7 kg a~! corresponds to the
shaded daytime flux according to Equation (8). Although dense
grass cover generally shades soils in this area, it is possible that the
upper bound estimate will be higher when direct solar radiation is
directly transmitted to barren soil surfaces.

The Hg pollution potential found in upper soils in the investi-
gated settlement area (4.3 tons) accounts for 2—9% of the total
amount of Hg potentially released by the factory over the last 100
years (50—200 tons). Assuming that contaminated sediments and
soils have existed in this area since 1930 and THg concentrations in
topsoil were similar to today, about 500 kg of Hg would have been
subject to Hg® emission over the years. According to Swiss national
CLRTP inventories for Hg emissions, Hg emissions decreased
significantly from about 6600 kg a~! in 1990 to 660 kg a—! in 2015
(FOEN, 2017) for the whole of Switzerland. This drop in emissions
can be explained by retrofitting the steelworks in the years 1999
and optimization and maintenance of waste incineration plants and



crematoria before 2003. Energy industries contribute 44% of the
total Hg emissions to the atmosphere in Switzerland. Emissions
from industrial processes, including the chemical industry,
contribute 39% (FOEN, 2017). These inventories do not include any
diffuse nonpoint sources of Hg® emission from contaminated soils
in the vicinity of industrial facilities, even though emission from
these soils is as large as those measured at Hg mining sites (Fig. 3).
Emissions of Hg® from the investigated area (8.6 km?, 0.02% of the
national territory) account for about 1% of the total Hg emissions in
Switzerland. In comparison, the Hg emission strength of the city of
Zurich, the largest city in Switzerland (100 km?, ca. 400000 in-
habitants) has been estimated between 24 +8 and 41 +8kg a~!
using a boundary-layer budget approach (Denzler et al., 2019).
Thus, the amount of diffuse Hg® emission from the Visp and Turtig-
Raron area is up to 25% of the total emissions from Zurich.

5. Conclusions

Overall, Hg® emission measurements over contaminated soils in
the Visp and Turtig-Raron settlement areas show that contami-
nated soils represent a long-term emission source of Hg® to the
atmosphere. The investigated settlement area of 8.6 km? contrib-
uted an estimated 6 kg Hg a~! as gaseous elemental Hg® emissions
to the atmosphere. We found that THg content in the soil had the
largest control on Hg® emissions (r? = 0.77, p < 0.001). Based on a
lack of detectable Hg? in soils, Hg® emissions likely derived from
Hg" reduction in soils. Comparison of daytime and nighttime Hg°
emissions showed that photochemical reduction processes account
for 22—26% of Hg® emissions. We propose that microbial commu-
nities were likely an important driver for Hg" reduction in these
contaminated soils. Evidence for this is based on increasing number
of bacterial detoxification genes with increasing soil Hg content,
which in turn is linearly correlated with increasing Hg® emissions.
Since the beginning of the industrial Hg contamination at this site
in the 1930, as much as 500 kg of Hg could have been subject to
atmospheric Hg® emissions, assuming similar soil Hg contamina-
tion levels as observed today. Remediation actions such as capping
topsoil with 2 cm of low-Hg substrate have been demonstrated to
reduce Hg® emission by 50—100% at two gold mines in Nevada, US
(Miller and Gustin, 2013). Ongoing excavation of contaminated
topsoil, however, is the most efficient action to prevent further
long-term Hg® emissions to the atmosphere that contributes to
long-range transboundary air pollution and global atmospheric Hg
loads. Ambient Hg® concentrations over the investigated parcels in
this study ranged between 1.6 and 20.3 ng m~> and were up to 14
times elevated compared to northern hemispheric background
concentrations (1.5 ng m—>). However, levels are mostly below the
range of acceptable outdoor Hg® concentrations of 5—10 ng m 3
(WHO, 2000). Thus, air Hg levels in the area were far below the
exposure guidelines given by the U.S. EPA reference concentration
(300 ng m~3; Carpi and Chen, 2001) or the World Health Organi-
zation (200 ng m—>; WHO, 2003). Finally, a report published by the
University of Zurich (Dressler and Imo, 2016) found no evidence of
adverse health effects to local residents from exposure to Hg in soil
or Hg? in ambient air in the Visp and Turtig-Raron area.
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